
Growth of estuarine fish is associated with the
combined concentration of sediment

contaminants and shows no adaptation or
acclimation to past conditions

Graham E. Forrestera,*, Brett I. Fredericksb,
Dean Gerdemanb, Bryn Evansb, Mark A. Steelea,

Kareem Zayedc, Linda E. Schweitzerc, Irwin H. Suffetc,d,
Richard R. Vanceb, Richard F. Ambrosec,d

aDepartment of Natural Resources Science, University of Rhode Island, Kingston, RI 02881, USA
bDepartment of Organismic Biology, Ecology and Evolution, University of California, Los Angeles,

CA 90095, USA
cDepartment of Environmental Health Sciences, School of Public Health,

University of California Los Angeles, CA 90095, USA
dEnvironmental Science and Engineering Program, University of California, Los Angeles,

CA 90095, USA

Received 7 August 2002; received in revised form 13 December 2002; accepted 18 January 2003
Abstract

We tested whether the growth rates of small benthic fish (Gillichthys mirabilis) in three
southern California estuaries corresponded with the local concentrations of contaminants.

Fish originating from each estuary were transplanted to cages in each estuary in two recipro-
cal transplant experiments. The growth rates of caged fish, and the size-distribution of natural
populations, showed the same pattern of difference among estuaries. Twelve metals and
organic contaminants occurred in bulk sediments at concentrations close to their individual

ERL values, and a simple index of their combined concentration (the mean ERL quotient)
was inversely correlated to the growth of caged fish. Metals in the water column occurred at
lower concentrations, relative to toxicity thresholds, than those in sediments and were unre-

lated to fish growth. Fish used in the field caging experiments, and other fish held in the
laboratory under constant conditions, showed no difference in growth according to their
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estuary of origin. Fish originating from different estuaries also showed no consistent differ-

ences in their tissue burden of organic contaminants. Our results thus suggested no genetic
adaptation or physiological acclimation to the past contaminant regime, but revealed a pos-
sible association between fish growth rates and the combined concentration of multiple sedi-

ment contaminants.
# 2003 Elsevier Science Ltd. All rights reserved.
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Sediments
1. Introduction

Estuaries are often contaminated with a range of organic and inorganic con-
taminants (Daskalakis & O’Connor, 1995) and toxic effects can occur when several
chemicals are present at low levels (Thompson, Anderson, Hunt, Taberski, & Phil-
lips, 2000). In the simplest case, the effect of multiple stressors may be additive, so
that their combined effect is simply the sum of their effects individually. Potentially,
however, the effects of toxicants in combination may be different from their effects
in isolation so that their combined effects are either greater or less than the sum of
their individual effects (Folt, Chen, Moore, & Burnaford, 1999). In addition, the
impact of toxicants in nature may depend on other environmental and biological
variables that act as stressors (Breitburg et al., 1999). A major challenge, therefore,
is to predict the effects of complex mixture of contaminants on aquatic organisms in
the field, and to establish toxicity criteria for acceptable levels of chemical con-
tamination (Long, Field, & MacDonald, 1998; Long, MacDonald, Smith, & Calder,
1995; O’Connor & Paul, 2000).
In this study, we focused on potential toxicants in sediments because this is the
primary form of contamination in coastal and estuarine systems. The overall toxicity
of estuarine sediments is commonly assessed using laboratory bioassays where
organisms are exposed to sediments removed from the environment (Chapman &
Wang, 2001). Laboratory bioassays may not match the results of similar assays car-
ried out insitu, and field toxicity assays are becoming more common for micro-
organisms and small invertebrates that are conveniently tested in small chambers
(Burton, 1995). Many field-based assessments of sediment toxicity for fish have used
presence/absence or abundance as the measure of biological effect. These measures
are based on the differential susceptibility of species, and require that conditions be
severe enough at some sites to eliminate sensitive species (Gaston, Rakocinski,
Brown, & Cleveland, 1998). Some field assessments using fish are based on more
sensitive histopathological (Chang, Zdanowicz, & Murchelano, 1998) or biochemical
(Breitburg et al., 1999) measures of toxicity but, because most fish are mobile, there
can be uncertainty in linking these measures to local contamination. We tested a form
of in-situ bioassay for fish that used growth rates of fishes held in cages in the field to
assess toxicity. The potential benefits of this approach are (1) that growth is a sensitive
and quite general measure of subtle sublethal effects of contaminants (Hughes, Heber,
Morrison, Schimmel, & Berry, 1989) and (2) that we could assess the response of fish
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exposed to known conditions in the field. We tested whether there was a statistical
association between the concentrations of contaminants, either individually or in
combination, and the observed growth rate of the fish. Any such association would
suggest hypotheses about the causes of variation among estuaries in fish growth.
An important reason for working in the field is that fish populations might
respond to chronic pollution in their environment either by physiological acclima-
tion or by genetic adaptation. Adaptation to local pollutant regimes is made possi-
ble by limited gene flow among estuaries in many estuarine fishes (Weis & Weis,
1989). We therefore tested whether contaminants affected populations in different
estuaries differently. We used three approaches to assess fish growth. First, we con-
ducted reciprocal field transplant experiments, in which fish originating from a set of
estuaries were transplanted to each estuary. We were thus able to assess whether fish
originating from different estuaries responded in the same way when exposed to a
range of conditions in the short term. Second, we conducted a laboratory growth
experiment in which fish from different estuaries were grown under constant
laboratory conditions in order to test for inherent, genetically based, differences in
the growth of fish from different estuaries. Third, we monitored the size distribution
of unmanipulated fish populations in the different estuaries to test whether these
matched the results of our field experiments.
We monitored a suite of contaminants during our field transplant experiments to
test whether contaminants, singly or in combination, correlated with the growth of the
fish. In addition to monitoring contaminant levels in sediments, we also conducted
some analyses of contaminants in other forms. Organic compounds were measured in
tissue of fishes from the field experiments because tissue concentrations can also be
related to toxicity (McCarty, 1986) and these lipophilic compounds tend to accumu-
late in tissues and can persist for long periods (Larsson, Hamrin, & Okla, 1991). We
could thus test whether tissue concentrations of these compounds were related to local
concentrations in the sediments, indicating short-term exposure, and, in turn, to fish
growth rates. Alternatively, similar tissue concentrations, and perhaps growth rates, in
fish originating from different estuaries would suggest that uptake of these toxicants
occurs in response to longer-term exposure, or has some genetic basis. Inorganic con-
taminants were also measured in dissolved form because metals in this form might be
responsible for toxicity. We therefore tested whether dissolved metal concentrations
corresponded more closely with fish growth than sediment concentrations. Metals as
suspended solids were less likely to produce toxicity directly, but we compared their
concentrations to sediment concentrations to assess whether metals in the sediments
were a result of recent deposition, or deposition integrated over longer time periods.
2. Methods

2.1. Study species and sites

We studied fish populations in three southern California estuaries, USA: Alamitos
Bay, Ballona Wetland, and Mugu Lagoon. Alamitos Bay and Ballona Wetland are
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both surrounded by urban and industrial development, whereas Mugu Lagoon is
located within a naval base and is surrounded by a mix of residential and agri-
cultural land (for more details see Cohen, Hee, & Ambrose, 2001; Valle, O’Brien, &
Wiese, 1999). For our purposes, the key feature of these estuaries were that each
receives inputs of various metals and organic contaminants (Cohen et al., 2001) and
provided comparable study sites. Study locations within each estuary were all in
good habitat for our study species: channels 0.5–1 m deep at low tide with sand/silt-
dominated bottom sediments that experienced generally low flow (<5 cm/s)
(Brooks, 1999).
We studied a fish common in southern California estuaries, the longjaw mud-
sucker (Gillichthys mirabilis). We chose this species because it shows no ill effects of
being caged in the field (Brooks, 1999) and is also site-attached over long periods, so
its growth is likely to reflect exposure to local environmental conditions. In addition,
G. mirabilis is a good subject for assessing sediment toxicity because it is a bottom-
dweller that spends most of its time resting on the sediments (Ankley, Schubauer-
Berigan, & Dierkes, 1991). G. mirabilis consumes epi- and infaunal invertebrates
(Barry, Yoklavich, Cailliet, Ambrose, & Antrim, 1996) and is thus exposed to sedi-
ment contaminants in food and perhaps also by incidentally ingesting the sediment
itself (Clements, Oris, & Wissing, 1994) or by irrigating porewater into the overlying
bulk water (Wall, Isely, & La Point, 1996). Finally, G. mirabilis completes its life
cycle in a single estuary (Yoklavich, Stevenson, & Cailliet, 1992), so populations in
different estuaries have the potential to become adapted to the local contaminant
regime.

2.2. Assessing estuary-specific differences in fish growth

We conducted two field caging experiments in 1998: experiment 1 ran from 25 July
to 26 August, and experiment 2 ran from 5 to 30 September. The same reciprocal
transplant design was used in both experiments. Fish from each of the three estu-
aries were transplanted into cages in their own estuary as well as to cages in the
other two estuaries. This design allowed us to separate effects of the site of origin
from effects due to conditions at the transplant site. There were two replicate cages
for each treatment combination, giving a total of 18 cages. Four fish were placed in
each cage, which is within the natural density range in local estuaries and is well
below the density at which mudsuckers compete with one another [based on pre-
vious field caging experiments (Brooks, 1999)].
The caging procedure was designed to keep the fish at a known location without
altering their access to natural prey or their exposure to environmental conditions,
apart from the fact that caging provides protection from predators. The cages were
cylindrical (diameter=1 m, height=0.5 m) made from 7-mm plastic mesh (Vexar).
Cage bottoms were buried 5 cm into the sediment to provide access to natural epi-
and infaunal food items. All cages were submerged at high tide, but water depth was
�0.4 m at low tide. Cages were left empty for at least 14 days after placement to
allow sediments to stabilize after the disruption of cage positioning. To test whether
cage placement affected sediment chemistry, we compared inorganic contaminants
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inside the cages to those a few meters away (see the description of sediment sampling
below for details).
Fish for the experiments were collected using beach seines 1 or 2 days before the
start of each experiment. They were immediately placed in large aerated bins, in
which they were transported to the laboratory and held for processing. While in the
laboratory, they were measured for standard length using calipers. The fish were
then quickly blotted on a paper towel and placed in a beaker of water of known
mass on a digital balance. The fish’s wet mass was recorded as the increase in mass
after adding the fish. The fish’s initial sizes were greater for experiment 2 (mean
length=80.1 mm, range=62.6–110.0 mm; mean mass=5.39 g, range=2.22–14.93
g) than experiment 1 (mean length=70.1 mm, range=56.3–84.5 mm; mean mass
3.61 g, range=1.83–6.22 g). The fish originating from different estuaries differed
slightly in mean initial length and mass in both experiments (one-way ANOVA:
P<0.05), but these differences were unlikely to have affected the results because in
neither experiment was growth in length or mass correlated with initial size
(r<0.25, P>0.07). Each fish was also tagged by subcutaneous injection of small
spots of colored elastomer (Northwest Marine Technology Inc.). This method has
no harmful effects (Brooks, 1999) and the use of different colors and tag locations
permitted the individual recognition of all fish used. After 12–36 h in the labora-
tory, fish were taken to the transplant sites and placed into their cages, which were
then sealed.
Both field experiments ran for 30 days, during which we made 3–6 measurements
of water quality (temperature, salinity and dissolved oxygen) at each site using
electronic meters (YSI instruments Inc). Differences in water quality between sites
and experiments were tested using a two-way fixed effects analysis of variance
(ANOVA). Prior to this, and all subsequent parametric analyses we confirmed that
data met the assumptions of normality and homoscedasticity (following Sokal &
Rohlf, 1995). At the end of each experiment, we weighed and measured each fish
and measured growth as the daily change in length and wet mass. To assess food
consumption rates by the fish, we also dissected and preserved the fishes’ guts in
formalin. Later, all prey items from the stomach (excluding mollusk shells) were
dissected out, dried at 60 �C for 72 h and then weighed using a microbalance (Cahn
Instruments). Differences in fish growth and prey consumed due to the site of origin,
the transplant site, and any interaction between the two, were tested using a two-
way fixed effects ANOVA, with cages as replicates.
To test for genetically based differences in fish growth among populations we also
performed a laboratory experiment in which held fish from each estuary were held
under identical conditions. G. mirabilis were collected from each of the three estu-
aries using beach seines and were then taken to the laboratory, measured, and tag-
ged using the same procedures described for the field experiments. The fish were
then placed in aquaria in a controlled environment room (temperature was 23 �C
and lighting was on a light:dark cycle of 16:8 h). There were three replicate 50-l
aquaria per estuary, each containing four fish. Each tank was individually aerated
and filtered and seawater was changed every 14 days. Fish were fed to satiation daily
with frozen brine shrimp and occasionally given commercial dietary supplements.
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The laboratory experiment started on 21 September and ran for 75 days. Growth
was measured as the change in length and mass, and growth differences among
estuaries were tested using a single factor ANOVA with aquaria as replicates. Fish
from different estuaries differed slightly in mean initial size (ANOVA, P<0.05) but,
as before, this is unlikely to have affected the results because growth in length and
mass during the experiment was unrelated to initial size (r=0.20, P=0.30).
We also monitored natural populations of G. mirabilis to test whether size dis-
tributions differed among the three estuaries. Fish were sampled using beach seines
at three sites within Alamitos and Mugu, but at just one site within Ballona because
of its smaller size. At each site we seined at two locations, and made two net sweeps
per location. A total of 233 G. mirabilis were collected during two time periods in
1998: 24–29 June, and 31 July–4 August. We tested whether mean fish standard
length differed among estuaries (a fixed effect) and over time (a random effect) using
a two-way mixed model ANOVA.

2.3. Assessing estuary-specific differences in contaminant concentrations

Twenty-five elements were screened overall in surficial (top 2 cm) and suspended
sediments and water samples, but seven elements most commonly associated with
harmful effects were selected for evaluating potential ecological risk: arsenic, cad-
mium, chromium, copper, lead, nickel, and zinc (Long & Morgan, 1990; Long et al.,
1995). We measured the concentration of 145 organic chemicals in sediment, sus-
pended sediment and fish tissues, but focused on classes of chemicals for which there
are good estimates of concentrations associated with toxicity for our ecotox-
icological assessment, namely, low molecular weight PAHs, high molecular weight
PAHs, total DDTs, total chlordanes, total PCBs, phenols, phthalates, benzoic acid,
and benzene hexachloride (a-, b-, d-, and g-BHC).
At each site, four surficial sediment samples were collected from inside the fish
cages and two outside located a few meters upstream and downstream from the
cages for analysis of inorganic and organic chemicals. Samples were taken inside
and outside the cages in order to test whether the cages themselves might be altering
sediment chemistry. For trace metals analysis, sediments were acid digested by EPA
Method 3050B and analyzed by EPA Method 3120B. For organics analysis, sedi-
ments were extracted by supercritical fluid extraction with an Isco SFX2-10 SFE and
SFC/SFE grade carbon dioxide (Air Products) with a 100 static, and 200 dynamic
extraction time at a pressure of 300 atm collected in dichloromethane. Extracts were
analyzed by GC/MS on a Finnigan 9610 GC by EPA Method 525/625 for acid-
neutral compounds on a 30 m narrow bore (0.25 mm) DB-5 (J&W Scientific) fused
silica capillary column. The extracts were then solvent exchanged with hexane and
analyzed by EPA Method 608 for chlorinated pesticides and PCBs with a Varian
3500 GC with dual electron capture detectors equipped with 30 m (0.25 mm) DB-5
and DB-1701 columns.
One water sample was collected at each site both at the beginning and end of each
field experiment for the analysis of trace metals in the aqueous and suspended sedi-
ment phases, separated by filtration through a 0.45 m glass TCLP filter (Whatman,
428 G.E. Forrester et al. /Marine Environmental Research 56 (2003) 423–442



Inc.) prewashed with 50% nitric acid, rinsed with Milli-Q water and oven dried at
100 �C. Suspended solids were weighed and then acid digested by EPA Method
3050B and then analyzed for trace metals by EPA Method 3120 B, as was acidified
filtrate (dissolved phase).
Fish tissues from the first experiment were analyzed for organic chemicals. To
provide sufficient tissue mass for analysis, fish were pooled to yield one composite
sample for each of the nine combinations of transplant site and site of origin. Fish
samples were extracted by SFE: a 1 g dried (in a jar of calcium carbonate) fish
muscle tissue sample was crushed with mortar and pestle and placed into an SFE
extraction vessel along with 3 g neutral aluminum to which surrogate standards (20
ppb each of PAH and sulfur PAH standards plus 40 ppb PCB standard mix) were
added. The sample was extracted with pure carbon dioxide with a 10 static and 30
dynamic extraction time at a pressure of 355 atm and temperature 120 �C collected
into hexane with a flow rate of 1.5 ml/min. The extract was concentrated down to 1
ml under a stream of nitrogen ultra pure gas, then extracted with 0.5 ml con-
centrated sulfuric acid, vortexed, centrifuged and the organic layer placed into a vial
for GC/MS and GC/ECD analyses as described above by EPA Methods 608 and
625.
We tested whether the concentration of organic contaminants in fish tissues was
similar among fish transplanted to different sites or, instead, whether fish originating
from different estuaries tended to be similar in tissue chemistry. This test was per-
formed using a two-factor multivariate ANOVA, where different contaminants were
the dependent variables and the categorical factors were transplant site and the site
of origin. The categorical factors were both considered fixed effects and there was no
interaction term due to the lack of replication.

2.4. Relationships between contaminant concentrations and fish growth

Because several inorganic and organic compounds were present in the three estu-
aries at levels that might be toxic, we tested whether a simple measure of their
combined predicted toxicity was correlated with fish growth. The measure of pre-
dicted toxicity we used, effects range-low (ERL), was derived from a large database
of concentrations in sediments and their associated biological effects (Long et al.,
1995, 1998). Concentrations below the ERL were rarely (<11%) associated with
adverse effects (Long et al., 1995, 1998). We used guidelines for seven inorganic
contaminants (As, Cd, Cr, Cu, Pb, Ni, and Zn) and five groups of organic com-
pounds (LPAHs, HPAHs, total DDTs, total chlordanes, and total PCBs). The con-
centration of each contaminant was divided by its ERL to produce an ERL quotient
(ERLq). We then averaged the 12 ERL quotients, and the mean ERLq was used an
index of overall toxicity (Long et al., 1998). This index thus assumes that toxicity is a
linear function of concentration, and that the combined effects of different con-
taminants are additive (Fairey et al., 2001). When assessing the expected toxicity of
metals dissolved in the water column we used a different guideline, chronic toxicity
to aquatic life (CAL), derived from a database of toxicity tests (State Water
Resources Control Board, 1997).
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3. Results

3.1. Estuary-specific differences in fish growth, food consumption and size-
distributions

Food items in the fish’s stomachs at the end of the field experiments were typical
natural prey items, mainly small mollusks, crustaceans and polychaetes. In both
experiments, fish transplanted to the three sites consumed food at similar rates
(P>0.43; Table 1) and there were no conditional effects of site of origin and trans-
plant site on food consumption (ANOVA interaction term, P>0.75). There was a
marginally significant difference in food consumed by fish originating from different
estuaries in experiment 1 (P=0.043) but not in experiment 2 (P=0.88).
Though there were no consistent effects of the experimental treatments on food
consumption by G. mirabilis, transplanting fish to different estuaries did cause their
growth to vary (P<0.007). Fish transplanted to Ballona grew fastest in both
experiments, and this was true both when growth was measured as change in length
and as change in mass (Fig. 1). Fish transplanted to Alamitos consistently grew at
the slowest rate and did not gain appreciable mass in either experiment, though they
did grow in length (Fig. 2). Fish in the Mugu cages consistently grew at intermediate
rates (Fig. 1). In neither experiment, however, was the effect of transplant site con-
ditional on the fishes’ site of origin (ANOVA interaction terms, P>0.05), nor did
fish originating from different estuaries growth at different rates overall (P>0.05).
Results of the laboratory growth experiment were consistent with the lack of a
site-of-origin effect in the field experiments. Fish from the three estuaries showed no
differences in growth rate when held in the lab under constant conditions (P=0.68).
The mean increase in mass over 75 d (�S.E.) of fish from each site was as follows:
Alamitos=4.90�1.63 g, Ballona=4.10�1.30 g, Mugu=3.36�0.32 g. Monitoring
the size-distribution of natural populations also yielded results consistent with the
effects of transplantation in the field experiments. The mean size of G. mirabilis dif-
fered significantly among the three estuaries (P=0.001); fish were on average largest
in Ballona, smallest in Alamitos, and intermediate in size in Mugu. Differences in
mean size were consistent over time, as indicated by a non-significant interaction
term in the ANOVA (P=0.07), but fish were smaller in late June than in late July
1998 (P=0.006). Mean body length (�S.E.) in each estuary in late June was as
Table 1

Dry mass (mg) of prey items in the stomachs of G. mirabilis at the end of the two field experiments
Experiment
 Alamitos
 Ballona
 Mugu
Mean
 (S.E.)
 Mean
 (S.E.)
 Mean
 (S.E.)
1
 6.90
 (1.08)
 8.11
 (1.08)
 9.15
 (1.25)
2
 4.38
 (0.22)
 4.63
 (0.25)
 4.50
 (0.19)
Means (�S.E.) are presented for each transplant site.
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follows: Alamitos=59.3�3.0 mm, Ballona=77.9�1.7 mm, Mugu=69.0�5.6 mm.
Mean body length (�S.E.) at each site in late July was as follows:
Alamitos=75.5�3.5 mm, Ballona=79.9�2.7 mm, Mugu=74.7�2.0 mm.

3.2. Estuary-specific differences in sediment contaminants

Metal concentrations in sediments within the field cages were very similar to con-
centrations a few meters outside the cages, suggesting that the caging method did
not noticeably alter sediment chemistry (MANOVA for inorganic contaminants
overall: Wilks’ Lambda=0.889, P=0.45; univariate F tests on each individual ele-
ment: P>0.40). Most of the sediment metals measured in our cages during the field
experiments were close to the ERL values (Fig. 2). Concentrations of three elements
showed the same pattern of difference among estuaries in both experiments. Copper
and zinc were always at their highest concentrations in Alamitos, intermediate in
Ballona, and lowest in concentration at Mugu (Fig. 2). Lead concentrations were
always similar in Alamitos and Ballona but were lower in Mugu during both
experiments (Fig. 2).
Fig. 1. Results of field caging experiments with Gillichthys mirabilis. The reciprocal transplant design

involved transplanting fish that originated from three different estuaries to cages in each estuary. Pre-

sented are mean (�standard error) growth rates for each treatment. Growth in mass is shown on the left

and growth in length on the right.
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Organic contaminants in the sediments were more variable in concentration,
relative to ERLs, than metals. Both LPAHs and HPAHs were always at less than
15% of the ERL value and did not differ in concentration among sites in a con-
sistent manner (Fig. 3). During experiment 1, both classes of PAHs were higher in
concentration at Alamitos than at the other two sites, whereas during experiment 2
they occurred at similar levels in all three estuaries (Fig. 3). Chlordanes and PCBs
were consistently above ERL levels in Alamitos and Mugu, but both groups of
compounds were at lower levels in Ballona and, in fact, chlordanes were not detec-
ted at this site (Fig. 3). DDTs were detected only at Mugu during the experiments,
and their concentrations were higher during the second experiment than the first
(Fig. 3).
Some other groups of organic contaminants which are known to be toxic, but for
which no ERL values are available, were recorded in the sediment samples (Table 2).
Of these, phenols and benzoic acid were most variable in concentration over time.
Phenols were detected only during experiment 2, and benzoic acid was measured at
high levels only during experiment 1 at Alamitos. BHCs and phthalates showed a
more consistent pattern, and during both experiments were at low concentrations in
Fig. 2. Bulk sediment concentrations of trace elements in the three estuaries during the field caging

experiments. Presented are mean concentrations relative to the ERL value for each element, with standard

errors. Al=Alamitos Bay, Ba=Ballona Wetland, Mu=Mugu Lagoon.
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Ballona and high concentrations in Alamitos. Their concentrations in Mugu were
more variable, but were generally intermediate between Alamitos and Ballona.

3.3. Relationship between fish growth and predicted toxicity of sediment
contaminants

We tested whether ERL quotients for each of the seven metals and five groups of
organic contaminants were correlated with G. mirabilis growth in the field transplant
experiments (Fig. 4). Only chlordanes were negatively correlated to both growth in
mass (r=�0.98, P=0.002) and length (r=�0.91, P=0.012). The concentration of
one other organic contaminant (BHCs), for which an ERL value was not available,
was related to fish growth in mass (r=�0.81, P=0.049) but not to growth in length
(r=�0.66, P=0.153). We also calculated the mean of the ERL quotients for the
seven metals and five groups of organic contaminants for which ERLs were avail-
able. The combined ERLq for all contaminants was negatively related to G. mir-
abilis growth measured as change in length (r=�0.87, P=0.026), whereas the
Fig. 3. Bulk sediment concentrations of organic contaminants in the three estuaries during the field

caging experiments. Presented are mean concentrations relative to the ERL value for each group of con-

taminants, with standard errors. Al=Alamitos Bay, Ba=Ballona Wetland, Mu=Mugu Lagoon.
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correlation with growth measured as change in mass was close to significant
(r=�0.80, P=0.055).

3.4. Contaminants in the water column and in fish tissues

Basic water quality measures were similar at all three sites. Temperature and sali-
nity did not differ significantly among the three sites (P>0.11; Table 3). Dissolved
Table 2

Bulk sediment concentrations (mg/g) during the field caging experiments of organic contaminants for
which no ERLs were available
Contaminant group
 Experiment
 Alamitos
 Ballona
 Mugu
Mean
 (S.E.)
 Mean
 (S.E.)
 Mean
 (S.E.)
Benzoic acid
 1
 443
 (119)
 <DL
 <DL
2
 11.7
 (11.7)
 10.0
 (10.0
 12.7
 (12.7)
Phenols
 1
 <DL
 <DL
 <DL
2
 15.2
 (15.2)
 21.8
 (21.8)
 5.9
 (4.1)
Phthalates
 1
 5060
 (3830)
 296
 (0)
 2080
 (670)
2
 3770
 (2180)
 209
 (209)
 160
 (55)
Total BHCs
 1
 1.64
 (1.64)
 <DL
 1.71
 (0.94)
2
 2.40
 (2.40)
 <DL
 0.27
 (0.16)
Samples below detection limits are indicated (<DL). Compounds included in each contaminant group are
listed in the text.
Fig. 4. Relationship between fish growth rate during the field caging experiments and the mean ERL

quotient for 12 sediment contaminants. Growth in mass is plotted on the left and growth in length on the

right. The regression line is fit through the pooled data.
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oxygen was higher in Ballona than in Alamitos and Mugu (p>0.017; Table 3) but
concentrations at all sites were well above those likely to induce stress in the fish
(<2 mg/ml).
Metals as suspended solids were generally lower in concentration than those in
sediments (Table 4). Metals as suspended solids varied over time, but did not vary
consistently among estuaries (Table 4). Metals dissolved in the water column were
also at lower concentrations relative to their toxicity thresholds (in this case CALs)
Table 3

Water quality at the sites of the field experiments
Experiment
 Alamitos
 Ballona
 Mugu
Mean
 (S.E.)
 Mean
 (S.E.)
 Mean
 (S.E.)
Temperature (�C)
 1
 21.8
 (0.6)
 23.3
 (0.8)
 24.4
 (0.7)
2
 20.7
 (0.8)
 23.0
 (1.1)
 19.4
 (1.1)
Salinity (mg/ml)
 1
 12.4
 (1.5)
 11.9
 (1.1)
 14.7
 (1.5)
2
 12.3
 (1.5)
 13.9
 (1.5)
 14.3
 (1.1)
DO (mg/ml)
 1
 8.1
 (0.8)
 9.5
 (1.1)
 11.3
 (1.1)
2
 7.4
 (1.1)
 15.3
 (2.0)
 7.7
 (2.0)
Table 4

Concentrations of metals as suspended solids (mg/g) in the three estuaries during the field caging
experiments
Metal
 ERL
 Experiment
 Alamitos
 Ballona
 Mugu
Mean
 (SE)
 Mean
 (SE)
 Mean
 (SE)
As
 8.2
 1
 2.77
 (2.53)
 0.24
 (0.00)
 0.24
 (0.00)
2
 0.24
 (0.00)
 0.24
 (0.00)
 0.24
 (0.00)
Cd
 1.2
 1
 0.60
 (0.43)
 0.75
 (0.36)
 0.55
 (0.39)
2
 0.08
 (0.08)
 0.17
 (0.00)
 0.08
 (0.08)
Cr
 8.1
 1
 0.44
 (0.25)
 0.47
 (0.34)
 0.62
 (0.43)
2
 0.19
 (0.00)
 0.19
 (0.00)
 0.19
 (0.00)
Cu
 34
 1
 0.85
 (0.39)
 0.27
 (0.24)
 0.43
 (0.13)
2
 0.71
 (0.05)
 0.45
 (0.35)
 0.09
 (0.02)
Ni
 20.9
 1
 0.14
 (0.12)
 0.40
 (0.42)
 0.94
 (0.64)
2
 0.15
 (0.04)
 0.16
 (0.16)
 0.14
 (0.12)
Pb
 46.7
 1
 0.09
 (0.07)
 0.11
 (0.08)
 0.06
 (0.04)
2
 0.17
 (0.02)
 0.19
 (0.16)
 0.06
 (0.04)
Presented are concentrations relative to the ERL value for each element. Samples below detection limits

are indicated (<DL).
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than metals in the sediments. Arsenic and copper were the only elements at non-
trivial concentrations. Arsenic was measured at between 50 and70% of the CAL
value in both experiments (Table 5). Copper was present at 40–50% of the CAL
value in experiment 1, but was at negligible concentrations during the second
experiment (Table 5). Neither of these elements differed significantly in concen-
tration among sites (P>0.05). For none of the seven elements analyzed was there a
significant correlation between its concentration in the sediment and in the water
column, either dissolved or as suspended solids (r always <0.35, P always>0.05).
Concentrations of organic contaminants in the tissues of fish originating from
different estuaries varied no more than expected by chance (P always>0.05). Simi-
larly, there were no significant differences in tissue burdens associated with being
transplanted to the same estuary (P always>0.05; Table 6). There was also no sig-
nificant correlation between the concentration of the various organic contaminants
in the sediments and their concentrations in G. mirabilis tissues at the end of field
experiment 1 (r<0.28, P>0.05). For example, LPAHs and HPAHs were at much
higher concentrations in sediments at Alamitos during experiment 1 than at the
other two sites (Fig. 3), but this was not the case for PAHs in fish tissues (Table 6).
As another example, we recorded high concentrations of chlordanes at Mugu and
Alamitos during experiment 1, but chlordanes were not detected in the sediments at
Ballona (Fig. 3). Despite this, fish transplanted to Ballona had chlordane levels in
their tissues that were not markedly different from levels in fish transplanted to the
other two estuaries (Table 6).
Table 5

Concentrations of dissolved metals (mg/L) in the three estuaries during the field caging experiments
Metal
 CAL
 Experiment
 Alamitos
 Ballona
 Mugu
Mean
 (S.E.)
 Mean
 (S.E.)
 Mean
 (S.E.)
As
 19
 1
 0.64
 (0.00)
 0.62
 (0.07)
 0.72
 (0.02)
2
 0.51
 (0.02)
 0.46
 (0.07)
 0.62
 (0.02)
Cr
 8
 1
 0.005
 (0.000)
 0.083
 (0.027)
 0.005
 (0.000)
2
 0.008
 (0.002)
 0.027
 (0.005)
 0.011
 (0.000)
Cu
 5
 1
 0.36
 (0.10)
 0.36
 (0.10)
 0.43
 (0.43)
2
 0.03
 (0.03)
 <DL
 <DL
Ni
 22
 1
 <DL
 <DL
 <DL
2
 0.03
 (0.03)
 0.18
 (0.18)
 0.04
 (0.04)
Pb
 48
 1
 0.07
 (0.06)
 0.09
 (0.08)
 0.15
 (0.06)
2
 <DL
 <DL
 <DL
Presented are concentrations relative to the CAL value for each element. Samples below detection limits

(<DL) are indicated. All Cd concentrations were below DL and so are not shown.
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4. Discussion

4.1. What explains estuary-specific differences in fish growth?

Our results indicated consistent differences in the growth and size-distribution of
G. mirabilis among the three estuarine sites we studied. Caged fish grew fastest in
Ballona, grew slowest in Alamitos, and grew at intermediate rates in Mugu. The
sizes of wild fish showed a corresponding pattern: largest in Ballona, smallest in
Alamitos and intermediate in Mugu. Our main aim was to test whether the con-
centration of contaminants, either individually or in combinations, correlated with
fish growth. It is possible that one of the contaminants individually was the cause
of differences in fish growth among estuaries, as appears to be the case in some
systems (Swartz, Schults, Dewitt, Ditsworth, & Lamberson, 1990). For this to be
true, the contaminant’s concentration should be inversely correlated with fish
growth. The only individual contaminants whose concentration varied in this
manner were chlordanes and BHCs. There are no widely accepted toxicity thresh-
olds for BHCs so it is hard to assess their likely effect on fish growth. The highest
concentration of chlordane was 30% above the ERL value and so this con-
taminant may have caused differential growth in the fish. Many of the other con-
taminants we analyzed, however, were also at concentrations slightly above their
ERL values, and a simple estimate of their combined toxicity (the mean ERLq)
was negatively correlated with fish growth. Since individual contaminants at ERL
concentrations cause toxicity quite infrequently, it seems more likely that differ-
ential growth of the fish was due to the collective effect of several contaminants
(Thompson et al., 2000).
This tentative conclusion rests on several assumptions: (1) that it is exposure to
these contaminants which caused differences in fish growth among the three sites, (2)
that growth rates are inversely related to exposure, (3) that the exposure of fish to
Table 6

Final concentrations (ng/g) of organic contaminants in the tissues of fish used in the first field caging

experiment
Transplant site
 Site of origin
 LPAHs
 HPAHs
 DDTs
 Chlordanes
 PCBs
 Phenols
 Phthalates
Alamitos
 Alamitos
 6090
 310
 53
 46
 221
 1260
 56,370
Ballona
 333
 124
 29
 <DL
 101
 342
 1690
Mugu
 1110
 607
 191
 3
 307
 <DL
 2970
Ballona
 Alamitos
 1440
 302
 21
 <DL
 113
 787
 6470
Ballona
 1150
 0
 125
 64
 300
 <DL
 34,270
Mugu
 1720
 231
 46
 <DL
 218
 <DL
 3680
Mugu
 Alamitos
 317
 <DL
 <DL
 <DL
 18
 <DL
 5100
Ballona
 5390
 2127
 975
 58
 424
 <DL
 50,230
Mugu
 2210
 <DL
 <DL
 <DL
 1693
 <DL
 <DL
Samples below detection limits are indicated (<DL).
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contaminants is related to their bulk concentration in sediments, (4) that the toxicity
of different contaminants is a linear function of their concentration, and (5) that the
combined effects of different contaminants are additive. Stating these assumptions
explicitly highlights some alternative hypotheses that might explain the estuary-spe-
cific differences in fish growth we observed.
We have limited ability to evaluate the first assumption since, like most studies,
ours was correlational and so can not establish a causal link between contaminant
concentration and toxicity. Differences among estuaries in fish growth might alter-
natively be due to other physical or biological factors that varied among estuaries
(Meng, Gray, Taplin, & Kupcha, 2000), or other contaminants that we did not
include in our screening. Physio-chemical habitat features, mainly salinity, dissolved
oxygen, and temperature, are major factors controlling the distribution of estuarine
fish in southern California (Allen, 1982; Saiki, 1997; Yoklavich, Cailliet, Barry,
Ambrose, & Antrim, 1991) but we can rule them out because we chose sites that did
not differ significantly in these respects. Differential food abundance in the three
estuaries is another possible cause of site-specific differences in growth. Logistical
constraints prevented us from sampling invertebrate prey in the sediments during
our study, but the fish used in the caging experiments had similar amounts of food in
their stomachs at the end of each experiment. This suggests that site-specific differ-
ences in growth are unlikely to reflect differential food supplies. Moreover, previous
work on G. mirabilis suggests that the conditions during our field experiments were
unlikely to cause food limitation of growth. Specifically, past field caging experi-
ments in a nearby estuary indicate that the densities we used are too low to induce
competition and that the abundance of wild G. mirabilis is unrelated to food abun-
dance and (Brooks, 1999).
The second assumption, that growth rates are inversely related to exposure to
contaminants, is widely supported in the literature (Weis & Weis, 1994). Like other
benthic fish, G. mirabilis is likely to be exposed to contaminants in sediments
because it spends most of its time resting on the sediment, and feeds on infaunal
invertebrates (Wall et al., 1996). Defining the precise bioavailability of sediment
contaminants to fish is a complex problem, but there is also support in the literature
for the third assumption, that exposure is related to bulk sediment concentrations
(Long et al., 1995, 1998). In addition to exposure via sediments, G. mirabilis is also
potentially exposed to dissolved contaminants via uptake across the gills, and might
also be affected by contaminants adsorbed to suspended solids (Beyer et al., 1996).
Our third assumption might thus be false if contaminants in these forms were the
primary cause of differential fish growth. The low summer flow rates during our
study, the fairly consistent concentration over time of sediment-associated metals,
and the lack of correspondence between metals in bulk sediments and as suspended
solids all combine to imply that our study was done at a time of slight net sediment
deposition. The fact that metals in suspended solids were at lower concentrations
than in bulk sediments, and showed no correlation with fish growth rates suggests
that metals adsorbed to suspended solids were not the cause of differential fish
growth. A similar argument also applies to dissolved contaminants. The organic
contaminants we studied are at negligible dissolved concentrations in the water col-
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umn, but a few metals were present at concentrations approaching, or slightly exceed-
ing, the CAL toxicity threshold. Dissolved metal concentrations overall were, however,
quite low during our study and did not correspond closely to fish growth rates. A strong
effect of contaminants in the water column on G. mirabilis thus seems unlikely.
The fourth and fifth assumptions are unlikely to be true in strict quantitative
terms (Backhaus, Altenburger, Boedeker, Faust, Scholze, & Grimme, 2000). As
long as departure from these conditions is not severe, however, a correlation
between predicted toxicity and biological effect is likely, though its true form will
not be linear (Sarakinos, Bermingham, White, & Rasmussen, 2000). We measured
growth rates in order to assess toxicity precisely because growth is a process that
integrates most forms of physiological stress (Diana, 1995) and so is likely to reflect the
cumulative effect of multiple contaminants (Beyers, Rice, Clements, & Henry, 1999).
Other workers have reported significant correlations between mean ERL/ERM quo-
tients and growth endpoints in standardized toxicity bioassays, suggesting that depar-
tures from these assumptions may often be slight (Thompson et al., 2000).

4.2. Why no genetic adaptation or physiological acclimation to local contaminant
regimes?

Chronic pollution may induce physiological acclimation or genetic adaptation to the
local contaminant regime (Klerks & Weis, 1987) and is a potentially important reason
why standardized toxicity bioassays using non-resident species may not match the
responses of native populations. Most of the fish used in our experiments were born in
the preceding year, though a few were young-of-the-year. They had thus been exposed
to contaminants in their home estuary for at least 4 months prior to the experiments,
and more commonly for over a year. Both the field transplant experiments and the
laboratory experiment indicated that growth rates of G. mirabilis did not vary accord-
ing to their estuary of origin. G. mirabilis populations in these estuaries thus display
neither genetically based differences in growth rates, nor physiological acclimation to
contaminant exposure prior to the experiments. A strong influence of exposure to
contaminants prior to the field experiments ought also to be recorded as an association
between the tissue burden of contaminants and the estuary of origin, particularly for
organic contaminants that persist in tissues for long periods (Larsson et al., 1991). The
lack of association between the fish’s tissue burden of organic contaminants and their
site of origin is thus also consistent with an absence of pollution tolerance.
Genetic differentiation among G. mirabilis populations in different estuaries is
clearly possible (Yoklavich et al., 1992), but the actual degree of differentiation
among the populations we studied is uncertain. The available data reveal a high
degree of differentiation among G. mirabilis populations separated by distances
greater than our three estuaries, but high gene flow between two populations in two
central California estuaries separated by a shorter distance than ours (Huang &
Bernardi, 2001). Even if populations are genetically isolated, adaptation to local
contaminant regimes does not always follow (Klerks, Leberg, Lance, McMillin, &
Means, 1997). Local adaptation or physiological acclimation is hypothesized to be
most likely when fish are exposed either to a single contaminant, or to different
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contaminants with similar physiological effects. Our study sites receive complex
mixtures of contaminants and our results are consistent with the hypothesis that
such complex mixtures are unlikely to induce tolerance (Moreau, Klerks, & Haas,
1999). Failure of tolerance to develop may be also due to the fact that contaminant
inputs to the estuaries we studied are variable in space and time (Cohen et al., 2001).
Interannual variation is probably related to the hydrographic regime in the estu-
aries, which alternates between summer periods of low freshwater input and severe
winter floods that ‘‘reset’’ conditions in the estuaries (Nordby & Zedler, 1991). If the
contaminant regime varies among sites within the same estuary, and changes among
years, then there might be little opportunity for tolerance to develop.
5. Conclusions

Our results are consistent with the hypothesis that multiple sediment con-
taminants, though at low concentrations individually, combined to effect differential
growth rates in a benthic estuarine fish. Despite the potential for adaptation to the
local pollution regime, we found no evidence that the history of exposure to pollutants
affected the response of fish to contaminants. The field caging approach we took is little
used (Beyer et al., 1996; Woodin, Smolowitz, & Stegeman, 1997), but may be a useful
complement to the bioassays using microbes and invertebrates as test species that are
typically used to assess toxicity in situ (Chapman &Wang, 2001).
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